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• The dataset of pesticide residues in soil 
(PRS) was developed.

• Organochlorine pesticide residues were 
significant contributors to PRS.

• Increased soil moisture, temperature 
and acidity lower PRS levels.

• Pesticides in watershed soil migrate 
downstream through surface runoff.

• Pesticides in the soil deposited in pied
mont soil through airflow transport.
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A B S T R A C T

The widespread application of pesticides in China has led to the accumulation of residues in soil. However, few 
regional studies have fully elucidated the characteristics of pesticide residues in soil (PRS) and the associated 
risks to the ecosystem and human health on a national level. Therefore, this study aims to compile a dataset on 
PRS in China from 2006 to 2020 and analyze the interactions and impacts between PRS and the environment. 
The average concentration of PRS in China was 243.96 μg/kg which was lower than the levels reported in Euro- 
Americans and other nations. This study revealed PRS in China predominantly originates from organochlorine 
pesticide residues, with DDTs and HCHs being significant contributors. Despite the high intensity of pesticide 
application in the Southeast China, PRS concentrations were comparable to those in the Northeast, due to 
environmental factors that favor pesticide degradation in the Southeast. Both legacy and in-use pesticides were 
transported by surface runoff or air current, resulting in their accumulation in soil of the lower Yangtze River 
basin or the piedmont soil of Qinling Mountains, respectively. The average soil environment carrying capacity of 
PRS in China was − 69.5 kg. The ecological risk contributed by PRS in China was mainly at a negligible level. 
Carcinogenic risks of PRS to adults (4.6 ×10− 4) and children (6 ×10− 4) exceeded the tolerable thresholds (10− 5) 
by a small margin.
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1. Introduction

Pesticides play a vital role in agricultural production [1]. With their 
continuous and extensive application, much attention has been given to 
pesticide residues in soil (PRS). PRS not only poses a direct threat to soil 
organisms, birds and plants but also jeopardizes the stability of the soil 
environment and potentially harms human health. The complexity of 
pesticide residue in the soil is exacerbated by the mixed application of 
different pesticides. As reported by the Food and Agriculture Organi
zation (FAO), China ranks among the top three countries globally in 
terms of pesticide application [2]. The large amount and variety of 
pesticides applied in China have raised concerns and prompted in
vestigations into their effects on the soil environment.

High levels of dichlorodiphenyltrichloroethane (DDTs) and hexa
chlorocyclohexane (HCHs) were found in the soil of the Pearl River Delta 
(PRD), potentially endangering local ecosystems [3]. Moreover, the 
presence of organophosphorus (OPs) and pyrethroid pesticide residues 
in the soil of the PRD exceeded 1000 μg/kg, with dimethoate residues 
being the most prevalent, leading to an increase in the non-carcinogenic 
risk (NCR) for children [4]. The NCR of neonicotinoids (NEOs) in the 
PRD soil to humans was deemed insignificant but posed a toxic threat to 
earthworms [5]. Conversely, the levels of organochlorines (OCPs) in the 
soil of the Yangtze River Delta (YRD) were found to be below China’s 
soil quality standards, indicating a low risk [6]. It was reported that 
pesticide application in Tianjin was the main cause of pesticide accu
mulation in soil [7]. Despite being banned in China for many years, 
DDTs and HCHs were discovered in soil in central China, posing po
tential exposure risks [8]. Additionally, researchers have reported that 
in Northeast China, which accounts for 20 % of the national cultivated 
land, the OCPs in the topsoil were greater than those in other parts of 
China [9]. Despite lower levels of cultivated land and pesticide appli
cations in Tibet, pesticide residue levels in the local soil remained 
elevated, with a maximum recorded level of 925 μg/kg [10].

While these findings have advanced our understanding of spatio
temporal pesticide residue levels in China and their environmental im
plications, their limited scope has resulted in fragmented outcomes. As a 
result, these findings do not offer a comprehensive overview of pesticide 
residue levels and their effects on the soil environment in China. The 
absence of information and data has led to a lack of knowledge 
regarding soil carrying capacity and ecological and health risks in China.

This study gathered PRS samples from the Web of Science and 
environmental impact assessment reports to construct a PRS dataset 
specific to China. Utilizing this dataset, we conducted an analysis of 
environmental factors influencing the distribution of PRS in China, 
evaluated the soil pesticide carrying capacity and assessed the potential 
risks posed by PRS to ecosystems and human health. The PRS database 
and the environmental impact assessment conducted in this study offer 
valuable scientific insights that can help policymakers develop more 
evidence-based and rational management strategies for pesticides and 
soil.

2. Materials and methods

2.1. Data collection

PRS samples used in this study were obtained from the Web of Sci
ence (WOS) and Chinese Environmental Impact Assessment (EIA) re
ports. Searches for pesticide residues in Chinese soil were conducted 
using specific keywords ("soil", "pesticide" and "China") in the WOS up to 
September 22, 2023. The screening criteria included the exclusion of 
preprints and reviews, as well as sampling time and site parameters 
restricted to the years 2006–2020 in China. Data on pesticide residues 
from Chinese EIA reports were extracted by downloading reports from 
the websites of provincial departments of ecology and the environment 
in China covering the period from 2006 to 2020. The papers and web
sites used are shown in Table S (1− 2).

2.2. Data cleaning and extraction

References and reports contained PRS data at various soil depths. 
This study took data cleaning procedures to retain only topsoil data. 
There were two types of reference data: one with precise latitude and 
longitude coordinates and the other lacking such information. 
Leveraging a geographic information system (GIS), this paper relocated 
the sample sites with latitude and longitude in the image and exported a 
file containing latitude, longitude and concentration information. For 
reference data lacking specific site location information, the study 
averaged it with other data as regional averages. Other types of data (e. 
g., tables, words and PDFs) can be used directly without conversion.

2.3. Data processing

This study gathered a total of 185 pesticides from the reference 
document and categorized them into insecticides, herbicides and fun
gicides (Table S3). The concentrations of PRS in the reference were 
presented as the maximum, minimum, median, quartile and average 
values. In cases where the average value was not provided, it can be 
derived from the available data. The application of averages aids in 
evaluating the potential ecological and health risks associated with PRS.

2.4. Analysis of other environmental factor datasets and PRS data

The soil total nitrogen density (TN), soil total phosphorus (TP), soil 
total potassium (TK), soil organic matter (SOC), cation exchange ca
pacity (CEC) and pH data utilized in this study were sourced from pre
vious research [11,12]. Soil humidity and surface net radiation data 
were obtained from previous studies [13–15]. The surface wind speed 
data were from a previous study [16]. The terrain data were from the 
National Geospatial-Intelligence Agency [17]. This study subsequently 
integrated both PRS and environmental factor datasets into the GIS to 
derive various environmental factors corresponding to each PRS site. 
Finally, analyses can be conducted between pesticide residue data and 
environmental factors.

2.5. Methods for assessing ecological risk

Risk quotients (RQ) were used to evaluate the ecological risk of PRS 
in China. The method for RQ calculation was from the Environmental 
Protection Agency (EPA) [18], and it can be determined by Eq. (1). 

RQi =
MECi

PNECi
(1) 

where RQi indicates the RQ value of the ith pesticide, MECi (μg/kg) is the 
concentration of the ith pesticide in the soil, and PNECi (μg/kg) is the 
predicted no-effect concentration of the ith pesticide. RQ values are 
divided into four categories: negligible (RQ <0.01), low (0.01 ≤RQ 
<0.1), medium (0.1 ≤RQ <1) and high risk (RQ ≥1) [19].

The PNEC can be calculated by Eqs. (2) or (3). 

PNECi =
NOECi or NOELi

AF
(2) 

PNECi =
EC50i or LC50i

AF
(3) 

where NOECi (μg/kg), NOELi (μg/kg), EC50i and LC50i represent no 
observed effect concentration, no observed effect level, half-maximal 
effective and half-maximal lethal, respectively. AF is the assessment 
factor, and it can be 10, 50, 100 or 1000 under different trophic levels 
and toxicity conditions. In accordance with a previous study [20], this 
paper selects 1000 as the AF value. The toxicity data (NOECi, NOELi, 
EC50i and LC50i) are from the EPA [18] and the Pesticide Properties 
DataBase (PPDB) [21]. To best reflect ecological systems, terrestrial 
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organisms (i.e., honeybees, earthworms and birds) are considered.
Soil often contains residues of a variety of pesticides. To evaluate the 

ecological risk of the PRS, the ecological risks of pesticides detected at 
the sampling points were calculated.

To assess the ecological risk of PRS for a site, RQi for each pesticide 
residue calculated in the soil sample is summed [22] as shown in Eq. (4). 

RQsite =
∑n

i=1
RQi (4) 

where RQsite is the sum of the ecological risks of all pesticides at the same 
sampling site, and its evaluation criteria are the same as those of RQi, 
which are divided into four levels.

2.6. Methods for calculating the SECC

The soil environment carrying capacity (SECC) for PRS in China is 
determined by assessing the soil environment static capacity, defined as 
the maximum pesticide residue load that can be sustained by the soil 
without posing an unacceptable ecological risk [22]. It can be evaluated 
by Eq. (5): 

SECCi = d × ρ × A × (Si − MECi) × F1 × F2 × F3 (5) 

where SECC represents the soil environment carrying capacity; d and ρ 
represent the soil depth (m) and bulk density (kg/m3), respectively; and 
A is the cultivation area at the sample site (1 km2). Si and MECi represent 
the soil residue standard and sample concentration (mg/kg) of the ith 
pesticide, respectively. Since 185 pesticides were included in this study 
and most of the pesticides currently have no residue standard values, the 
average value of the whole pesticide residue was used instead of Si. The 
evaluation of SECC involved three key factors: soil attenuation capacity 
(F1), cumulative rate (F2) and risk coefficient (F3). 

F1 = 10 − (ω1
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(6) 

where F1 depends on the natural attenuation capacity (NAC) of the soil, 
which has been widely calculated using the ecosystem-service perfor
mance index [23]. The subscripts obs and ref represent observations and 
reference values of environmental factors, respectively. These values 
can be obtained through national surveys conducted by authoritative 
authorities. The obs and ref values of this study are from Shangguan 
et al. [15] and previous studies [11,12], respectively. ω is the contri
bution of the corresponding parameters to NAC [22]. To quantify the 
performance of NAC, four core evaluation variables [22] were used: 
SOC, pH, CEC and clay (CLA). 

F2 = 1 −
aps

d × ρ × A × (Si − MECi)
(7) 

where F2 is the ratio of the annual cumulative number of pesticides in 
the soil to the soil environment static capacity. aps represents the annual 
cumulative amount of pesticides in soil (kg/ha), which was obtained 
from a previous study [24]. 

F3 = 1 − RQ (8) 

where F3 is determined by the potential environmental risk of pesticide 
residues.

2.7. Methods for Health Risk Assessment

For this study, the EPA human health risk assessment methodology 
was followed. This method has been used extensively in the field [25, 
26].

Health risk assessments were conducted to quantify the health risks 

(carcinogenic and non-carcinogenic) for children and adults exposed to 
soil via ingestion, dermal contact and inhalation exposure pathways. 
Eqs. (9)–(11) show the specific calculation process. 

ADDing =
MECi × IngR × CF × EF × ED

BW × AT
(9) 

ADDinh =
MECi × InhR × EF × ED

PEF × BW × AT
(10) 

ADDderm =
MECi × AF × CF × SA × ABS × EF × ED

BW × AT
(11) 

where the subscripts ing, inh and derm represent the exposure pathways 
of ingestion, dermal contact and inhalation, respectively; ADD is the 
average daily exposure dose (mg/kg-day); and MECi is the pollutant 
concentration in a particular exposure medium (mg/kg). For adults, the 
ingestion (IngR, mg/day) and inhalation frequencies of soil (InhR, m3/ 
day) were 200 and 15, respectively and the corresponding values for 
children were 100 and 7.5 [27]; PEF is the particle emission factor 
(m3/kg) and sourced from the EPA [28]; SA is the surface area of 
exposed skin (cm2); AF is the adhesiveness degree of skin (mg/(cm2/d)); 
and BW is body weight (kg). The values of SA, AF and BW were obtained 
from a previous study [25]. ABS is the absorption factor of skin and can 
be found in PPDB. ED is the exposure duration (year). EF is the exposure 
frequency (day/year). CF is the conversion factor (kg/mg). AT is the 
average exposure time.

The NCR values of PRS can be calculated by Eqs. (12) and (13). 

HQi =
ADDi

REFi
(12) 

HQT =
∑

HQi (13) 

where HQi is the non-carcinogenic risk of the ith pesticide; ADDi is the 
average daily exposure dose of the ith pesticide; REFi is the reference 
dose for the non-carcinogenic ingestion of the ith pesticide, which is 
derived from PPDB; and HQT is the total non-carcinogenic risk. HQT > 1 
indicates that the pollutant causes health risks to humans, and HQ < 1 
indicates that the pollutant causes negligible health risks to humans 
[29].

The CR values of PRS can be calculated by Eqs. (14) and (15). 

CRi = ADDi × SFi (14) 

CRT =
∑

CRi (15) 

where CRi is the carcinogenic risk quotient for the ith PSR. SFi is the 
carcinogenic slope factor of the ith PSR, and the SF values are from the 
EPA [30]. Pesticides with slope factors accounted for only 8.5 % of the 
total pesticides. Representative organochlorine pesticides, DDTs and 
HCHs (accounting for 70 % of the pesticides with slope factors) were 
selected to assess the corresponding CR values. CRT is the total carci
nogenic risk quotient. If the CR is less than 10− 5, human health risks are 
acceptable [25].

3. Results and discussion

3.1. Characteristics of PRS in China

Using PRS data sourced from references and reports, this study 
constructed a PRS dataset specific to China spanning the years 2006 to 
2020. The mean PRS concentration in China was calculated to be 
243.96 μg/kg (Fig. 1a). The provinces of Qinghai, Sichuan, Hubei, 
Tianjin, Chongqing, Jiangsu, Beijing, Liaoning, Heilongjiang and Xin
jiang exhibited the high average PRS concentrations, with values of 
578.7, 300.0, 296.7, 279.8, 234.1, 202.5, 148.4, 139.3, 134.3 and 
121.6 μg/kg, respectively. Pesticide applications [24] in Qinghai, 
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Beijing and Tianjin were lower than those in other regions in China, yet 
the PRS levels were greater. These findings suggested that PRS accu
mulation in China is influenced not only by pesticide application but 
also by local environmental factors, soil capacity and other variables. 
The average PRS levels in various regions of China ranged from 35.7 to 
96.9 μg/kg, with significantly higher levels observed in the eastern re
gion compared to the western region, as indicated by the fourfold dif
ference in numbers of sampling points and the twofold difference in 
average PRS levels. The sampling sites on the eastern coast comprised 
53.4 % of the total sampling points, with an average concentration of 
70.4 μg/kg, while the sampling points in the western region accounted 
for 11.7 % of the total sites, with an average concentration of 
31.2 μg/kg. The sites exhibiting PRS levels exceeding 1000 μg/kg were 
located primarily in the industrial parks surrounding Tianjin and 
Qinghai provinces, with an average concentration of 1392.3 μg/kg. This 
phenomenon can be attributed to the presence of enterprises within 

these parks that are engaged in the production of chemical intermediates 
for pesticides, leading to elevated PRS concentrations. Sampling sites 
with concentrations ranging from 200 to 1000 μg/kg were uniformly 
distributed across all provinces of China, comprising 9.8 % of the total 
sample sites, with an average concentration of 279.7 μg/kg. In com
parison, sites with concentrations of 20 to 60 μg/kg and 0 to 20 μg/kg 
accounted for 15.2 % and 48.7 % of the total sites, respectively, with 
average concentrations of 32.3 μg/kg and 5.8 μg/kg. The global average 
concentration of PRS was reported to be 620 μg/kg [31]. In 2015, the 
maximum and median levels of PRS in Europe were reported to be 
28700 μg/kg and 1500 μg/kg, respectively [32]. During the same time 
frame, the levels of PRS in France [33] and Poland [34] ranged from 
12.4 to 1724 μg/kg and 0.01 to 1031.6 μg/kg, respectively. Addition
ally, a PRS concentration of 338.7 μg/kg was detected in Alabama, USA 
[35]. These regions share similar latitudes with parts of China, where 
the concentration of PRS was lower. In the 1940s, pesticides were 

Fig. 1. Spatiotemporal distributions of PRS in China: (a) Spatial distribution of PRS in China; (b) Change curves of pesticide applications and average levels of PRS 
from 2006 to 2020.
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applied not only in agriculture but also for disease control in 
Euro-American countries [36], leading to a significant accumulation of 
residues in the environment. This may explain why PRS in 
Euro-American countries were greater than those in China. Compared to 
Euro-American countries, China has the lowest pesticide use per unit 
area at 52 kg/km2 [2], which helps understand why low levels of PRS 
occurred in China. The PRS levels in northern India [37] in 2017 varied 
from 540 to 37,420 μg/kg, surpassing those in China. Rajendran et al. 
proposed that pesticides in the air from the Indian tropics may be carried 
to colder regions and rapidly deposited into the soil, leading to elevated 
PRS concentrations [38].

The relationship between pesticide application [39] and the average 
PRS concentrations in China from 2006 to 2020 was shown in Fig. 1b. 
Pesticide application exhibited an increasing trend from 2006 to 2016, 
followed by a decreasing trend from 2016 to 2020. Pesticide application 
in 2016 was 2.4 and 1.5 times greater than those in 2006 and 2020, 
respectively. Similarly, the PRS levels mirrored the trend of pesticide 
application during the same period, with the PRS in 2016 being 3.4 
times greater than that in 2006, before decreasing to 302.3 μg/kg in 
2020. This can be attributed to the fact that after decades of pesticide 
applications, China finally realized the environmental impact of pesti
cides and proposed the "Program of Zero Growth in Pesticides Use" [40]
in 2015, resulting in decreases in pesticide application and PRS levels 
after 2015.

This study examined the characteristics of various PRS at the pro
vincial level (Fig. 2a). For instance, soil insecticide residues in Sichuan 
accounted for 91.4 % of the PRS, while the residues in Shaanxi 
accounted for only 26.5 % of the PRS. Similarly, Gansu had the highest 
percentage of soil fungicide residues at 48.0 %, while Qinghai had a 
percentage of 2.9 %. Chongqing had the highest share of soil herbicide 
residues at 48.0 %, whereas Jilin had the lowest at 0.04 %. In the eastern 

and southern coastal provinces of China, the PRS was predominantly 
composed of insecticides and fungicides, with soil insecticide residues 
representing more than 50 % of the total PRS. Nationally, insecticides 
accounted for 57.5 % of the PRS, followed by fungicides at 29.2 % and 
herbicides at 13.3 %. These findings suggested that insecticides were the 
primary contributors to PRS concentrations in China. Subsequently, 
insecticides were categorized [24] into various classes, including 
organochlorine, organophosphorus, carbamates, pyrethroids, neon
icotinoids, diamides, acaricides and other pesticides, to determine their 
respective contributions to insecticide residues. Specifically, the levels 
of organochlorine, organophosphorus, carbamates, pyrethroids, neon
icotinoids, diamides, acaricides and other pesticides in soil represented 
42.8 %, 11.0 %, 1.2 %, 15.7 %, 9.7 %, 4.1 %, 1.4 % and 14.1 % of the 
total insecticide concentrations in China, respectively (Fig. 2b). DDTs 
and HCHs, as persistent organic compounds in organochlorine pesti
cides, have garnered global attention. Despite DDTs and HCHs have 
being prohibited for production and application since the last century, a 
recent study [6] has identified their presence in soil. This paper high
lighted that DDTs (including o,p′-DDE, p,p′-DDE, o,p′-DDT, p,p′-DDT, o, 
p′-DDD and p,p′-DDD) and HCHs (comprising α-HCH, β-HCH, γ-HCH and 
δ-HCH) constituted 75.6 % and 23.1 % of the organochlorine residues, 
respectively. The regions of Hubei, Beijing, Guangdong, Shanghai, 
Hubei and Chongqing exhibited the highest levels of o,p′-DDE (22.9 %), 
p,p′-DDE (45.6 %), o,p′-DDT (26.2 %), p,p′-DDT (62.0 %), o,p′-DDD 
(3.0 %) and p,p′-DDD (51.9 %) residues (Fig. 2c). Conversely, Qinghai 
had the lowest shares of p,p′-DDE (1.1 %), o,p′-DDT (1.3 %), o,p′-DDD 
(0.01 %) and p,p′-DDD (0.2 %). Tianjin and Hubei had the lowest shares 
of o,p′-DDE and p,p′-DDT at 0.02 % and 0.13 %, respectively. The shares 
of α-HCH (0.1 %) and γ-HCH (0.2 %) were the lowest in Ningxia, and the 
shares of β-HCH (2.0 %) and δ-HCH (0.1 %) were the lowest in Henan 
and Yunnan, respectively (Fig. 2d). Taken together, the PRS in China 

Fig. 2. Distributions of PRS in provinces: (a) Distributions of insecticides, fungicides and herbicides; (b) Distributions of organochlorine, organophosphorus, car
bamates, pyrethroids, neonicotinoids, diamides, acaricides and other pesticides, respectively; (c) Distributions of o,p′-DDE, p,p′-DDE, o,p′-DDT, p,p′-DDT, o,p′-DDD 
and p,p′-DDD, respectively; (d) Distributions of α-HCH, β-HCH, γ-HCH and δ-HCH, respectively.
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mainly originates from organochlorine pesticide residues, especially 
from DDTs and HCHs. In fact, the residues of these two pesticides were 
attributed to their historical application. The Chinese government has 
acknowledged this issue and implemented a set of regulations to oversee 
the levels of DDTs and HCHs in soil, with the aim of protecting public 
health and ecological stability. For example, the law [41] requires that 
the concentrations of DDTs and HCHs in the soil should be determined 
prior to the project construction. Additionally, residues of the two pes
ticides in the soil were identified during the implementation of the Three 
Lines One Permit [42]. Chinese governments should therefore pay 
attention to establishing more national monitoring plans for PRS, 
especially for DDTs and HCHs.

3.2. Comprehensive analysis on PRS and corresponding environmental 
factors

This study investigated the effects of soil environmental factors on 
PRS levels in representative regions of China. For instance, the appli
cation intensity of pyrethroids (in-use pesticides) in the Southeastern 
provinces (Guangdong, Fujian and Jiangxi) was 1.3 times higher than 
that in the Northeastern provinces (Heilongjiang, Jilin and Liaoning) 
[24]. Nevertheless, the average soil residual levels of pyrethroids in the 
Southeast (15.48 μg/kg) and Northeast (17.68 μg/kg) were found to be 
comparable (Fig. 3). This can be attributed to local soil environmental 
factors. The average SOC in Southeast China was 0.71 g/kg, lower than 
that in the Northeast. Lower SOC values in Southeast China may hinder 
soil adsorption of pesticides [43]. In the case of low soil adsorption, 
pyrethroids were susceptible to degradation through extensive in
teractions with various environmental factors present in the soil. In 
comparison to the water content of 24.67 % in Northeastern soil, the 
higher water content of 35.60 % in Southeastern soil has been found to 
enhance the hydrolysis of pesticides [44]. The soil pH values in the 
Northeast and Southeast regions are measured at 7.12 and 5.77, 
respectively [11,12]. It is noteworthy that the acidity of soil in Southeast 
regions promotes the hydrolysis of pyrethroids. Additionally, the 
average thermal radiation in the Southeast was found to be 1.4 times 
[14] higher than that in the Northeast, leading to an increase in soil 
temperature that facilitates pesticide vapor diffusion [45] and degra
dation processes [46]. This may explain why the greater intensity of 
pyrethroid application occurred in the Southeast, yet the observed re
sidual levels were comparable to those in the Northeast.

The cultivated land area of the Yangtze River basin accounts for 24 % 
of the national cultivated area and supports 34.2 % of the total popu
lation. This study examined the impact of surface runoff on the transport 
of HCHs and DDTs in Yangtze River basin. It was found that the average 
levels of HCHs and DDTs in the soil of the upper and middle Yangtze 
River basins showed a declining trend from 2006 to 2020 (Fig. 4a). The 
decreased levels of HCHs and DDTs in the soil of the middle basin were 
larger than those in the upper basin. It can be attributed to the less 
cultivated land and a previous lower application of HCHs and DDTs in 
the upper basin. Conversely, the concentrations in the lower basin soil 
have been increasing during this period. Some studies revealed that the 
surface runoff in the middle and upper river basins resulted in a higher 
concentration of pesticide residue in soil of the lower basin [47,48]. 
Therefore, it can be concluded that the enrichment of HCHs and DDTs in 
the soil of the lower Yangtze River basin is due to surface runoff trans
porting them from the upper and middle basins. The concentrations of 
imidacloprid (an in-use pesticide) in the soil of Yangtze River basin 
showed an increasing trend (Fig. 4b). The largest increase was recorded 
in the lower basin, reaching 40.13 μg/kg. However, the application of 
imidacloprid in the lower basin has been stable in recent years (Fig. 4b). 
It can be inferred that the in-use pesticide in soil was also transported by 
surface runoff and accumulated in downstream soil.

Qinling Mountains serve as a geographical barrier dividing China 
into northern and southern regions, leading to distinct variations in at
mospheric transport patterns and terrain conditions on either side 
(Fig. 5a). The Qinling Mountains region is dominated by northwest 
winds in winter and spring, and southeast winds in summer and autumn. 
Observations indicate that the annual average wind speeds in the north 
and south piedmonts of Qinling Mountains are lower compared to those 
in the corresponding areas far from the mountains [16]. The residues of 
HCHs and DDTs in soil on both piedmonts of Qinling Mountains showed 
an upward trend from 2008 to 2020 (Fig. 5b). Literature reported that 
HCHs and DDTs are easily transported by downwind air current 
[49–51]. Therefore, HCHs and DDTs were transported by the wind and 
subsequently blocked by Qinling Mountains, causing them to accumu
late in the soil of both piedmonts. On the other hand, the concentrations 
of soil imidacloprid residue in both piedmonts of Qinling Mountains 
showed an increasing trend (Fig. 5c). The imidacloprid residue in the 
south piedmont soil were larger than that in the north piedmont soil. To 
sum up, the transportation of both legacy and in-use pesticides was 
influenced by atmospheric and terrain conditions.

3.3. SCEE of PRS in China

This study utilized environmental factors and the PRS to assess the 
SECC. Generally, high SECC values indicate the high soil environment 
capacity [52]. The numbers of SCEE values ranged − 3000 to − 1500，−

1500 to − 1000，− 1000 to − 500，− 500 to 0，0 to 500 and 500 to 
1500 kg accounted for 0.26 %，0.06 %，63.8 %，32.6 % and 3.28 % 
of the total, respectively (Fig. 6a). With an average SECC of − 69.5 kg, 
soil in China may not afford the current intensity of pesticide applica
tion. The average SECC values in regions such as Heilongjiang, Jilin and 
Tibet were above 0, indicating that pesticide application did not 
threaten the soil environmental carrying capacity. However, in regions 
such as the North China Plain (NCP), YRD, PRD, Yunnan, Guizhou and 
Sichuan, the application of pesticides may threaten the local soil envi
ronment, as the SECC values were less than 0.

3.4. Ecological and health risk assessment of the PRS

As shown in Figs. 6b, 69.4 %, 14.0 %, 11.3 % and 5.3 % of the total 
samples exhibited negligible, low, medium and high risk, respectively. 
The application of pesticides has been reported to threaten ecosystems 
in Czech Republic [53] and Argentina [54]. Compared to these coun
tries, the ecological risk of PRS in China was negligible. Negligible risk in 
Tibet, Inner Mongolia and Ningxia can be attributed to their low 

Fig. 3. Average concentrations of soil pyrethroids in the Southeastern and 
Northeastern provinces.
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pesticide application and good ecological protection. The regions at low 
risk encompassed the North China Plain (NCP), while the PRS posed a 
medium risk to the PRD and YRD. Northeast, Northwest, Central and 
Southwest China were classified as high ecological risk areas in China. 
The risk distributions demonstrated the varying effects of PRS on 
distinct regional ecosystems. The State Council has issued the "Opinions 
on Strengthening Ecological Zoning Controls" [55] to elucidate the 
environmental impacts of chemicals, including PRS. It may further 
reduce the ecological impact of PRS.

Birds, earthworms and honeybees are integral components of eco
systems. The data presented in Fig. 6c illustrated the average and 

maximum RQ values for each species. The RQ values for birds, earth
worms and honeybees accounted for 58.8 %, 17.8 % and 23.4 %, 
respectively, of the total RQ. Specifically, the average RQ values for 
birds, earthworms and honeybees were 9.8 × 10− 4, 3.0 × 10− 3 and 
0.15, respectively. Accordingly, the maximum RQ values for birds, 
earthworms and honeybees were 0.04, 0.25 and 6.8, respectively.

This study examined the RQ of various pesticides, specifically 
focusing on their impacts on birds, earthworms and honeybees. The 
combined RQ values of carbamates, organochlorine, organophosphorus, 
pyrethroids and neonicotinoid pesticides accounted for more than 90 % 
of the total RQ values for honeybees (Fig. S1). Additionally, the RQ 

Fig. 4. (a) Average concentrations of HCHs and DDTs in the Yangtze River basins; (b)Average concentrations of imidacloprid in the Yangtze River basins and 
imidacloprid applications in the lower of the Yangtze River.

Fig. 5. (a) Spatial distribution of terrain around Qinling Mountains; (b) Distribution of soil HCHs and DDTs concentrations in north and south piedmonts; (c) 
Distribution of soil imidacloprid concentrations in north and south piedmonts.
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Fig. 6. (a) SECC values across China; (b) Ecological risks in China; (c) Ecological risks for species.

Fig. 7. (a) NCR values for adult and children; (b) CR values for adult and children; (c) CR values of different pesticides to adults; (d) CR values of different pesticides 
to children.
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values of pesticides such as acaricides and organochlorines constituted 
90 % of the total RQ values for birds. Furthermore, fungicides, organ
ochlorine and pyrethroids collectively accounted for more than 90 % of 
the RQ values for earthworms.

The mean NCR for adults and children were 7 × 10− 3 and 1 × 10− 2, 
respectively, both of which were less than 1, indicating no risk from non- 
carcinogenic effects (Fig. 7a). This study examined the contributions of 
various exposure routes and PRS to the NCR. Analysis revealed that the 
average NCR for adults due to ingestion, inhalation and dermal contact 
were 6.4 × 10− 5, 2 × 10− 9 and 2 × 10− 7, respectively (Fig. S2). Inges
tion was identified as the primary route of exposure for adults, ac
counting for 90 % of the NCR. Similarly, ingestion remained the primary 
non-carcinogenic risk exposure route for children (Fig. S3).

Fig. 7b showed that the average CR values for adults (4.6 ×10− 4) and 
children (6 ×10− 4) exceeded the tolerable thresholds (10− 5) by a small 
margin. CR values for both DDTs and HCHs were estimated through 
three exposure routes, revealing varying individual contributions to 
overall exposure risk. The ingestion route emerged as the primary 
contributor to carcinogenic effects, surpassing the maximum acceptable 
level of risk. Consequently, adults faced a significant risk of carcinogenic 
effects from exposure to DDTs and HCHs, with average CR values for 
α-HCH, β-HCH, γ-HCH and δ-HCH calculated at 8.9 × 10− 3, 2.9 × 10− 2, 
7.0 × 10− 3 and 8.8 × 10− 3, respectively (Fig. 7c). As β-HCH is the major 
congener of HCHs in soil and is the most stable isomer and is hardly 
degraded by microorganisms, it contributes the most to the carcinogenic 
risk [3]. Furthermore, the average contributions of o,p′-DDE, p,p′-DDE, 
o,p′-DDT, p,p′-DDT, o,p′-DDD and p,p′-DDD to the CR were determined 
to be 2.2 × 10− 4, 6.8 × 10− 3, 2.0 × 10− 3, 3.9 × 10− 3, 1.3 × 10− 5 and 
1.4 × 10− 3, respectively. This can be attributed to the degradation 
routes of DDTs [56,57]. For example, a previous study suggested that p, 
p′-DDT was transformed to p,p′-DDE in soil [58]. Therefore, as persistent 
organic pollutants originating from degradation, p,p′-DDT exhibited 
high concentrations and CR values. As a degradation product, the levels 
and CR values of p,p′-DDE were still high, indicating that DDTs soil is 
being degraded in China. For children, the characteristics of CR and 
associated exposure pathways were found to be comparable to those 
observed in adults. Nevertheless, the carcinogenic impacts increased, 
resulting in a maximum CR value of 0.1 (Fig. 7d).

3.5. Uncertainty and limitation

Methods and errors in the detection of PRS vary among different 
studies, which leads to uncertainty in their data. To mitigate this un
certainty, peer-reviewed articles were utilized in this study. The test 
data reported by the EIA are legally recognized in China, ensuring data 
authenticity and reliability. This paper presents a novel PRS dataset 
compiled from references and reports. The evaluation of the SECC and 
the analysis of the relationships between the PRS and environmental 
factors were dependent on additional datasets, potentially introducing 
uncertainties into the findings of this study. The environmental factor 
datasets in this study were published and peer-reviewed; thus, the 
associated uncertainty was deemed acceptable. The methods used for 
assessing ecological and health risks were sourced from the EPA, and the 
parameters utilized were derived from EPA guidelines and similar 
studies. Additionally, the risks identified in this paper closely align with 
previous research conducted both domestically and internationally, 
suggesting the reliability of the findings presented.

This study failed to evaluate the relationship among PRS, soil 
microorganism and leaching potential due to the absence of the corre
sponding authoritative soil environmental factor datasets. Therefore, 
future research should prioritize biodegradation analyses of PRS and 
further examine the relationships between PRS and soil environmental 
factors.

4. Conclusion

This paper established a PRS dataset from 2006 to 2020 with fusion 
data from WOS and EIA. The average concentration of PRS in China was 
243.96 μg/kg, with higher concentrations predominantly observed in 
the eastern regions of the country. Furthermore, the PRSs exhibited a 
decreasing trend following the implementation of the "Program of Zero 
Growth in Pesticides Use". Increasing soil moisture, temperature and 
acidity can effectively reduce pesticide residues in the soil. Pesticides in 
the soil of the middle and upper watersheds can be transported down
stream through surface runoff, leading to their accumulation in the soil 
of the lower watersheds Pesticides in the soil can also be transported by 
the local air current, resulting in their deposition in the piedmont soil. 
The average SECC in China was estimated at − 69.5 kg. The ecological 
risks associated with pesticide residues in soil were predominantly 
categorized as negligible, resulting in an acceptable level of risk. PRS 
posed a carcinogenic risk in both children and adults, and the risk was 
greater in children than in adults.
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